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a  b  s  t  r  a  c  t

Phosphorus  (P)  releases  from  lake  sediments  are  controlled  in  the  long  term  by P  burial  into  the  deep
sediment  and on  shorter  time  scales  by the  redox  conditions  at the  sediment–water  interface.  In Lake
Sempach  (Switzerland),  hypolimnetic  oxygen  concentration  was  increased  by  artificial  aeration  after  two
decades  of  nearly  anoxic  conditions.  Using  diagenetic  reaction-transport  modeling  and  sediment  core
analysis,  we  investigated  the  effects  that  this  change,  as well  as variations  in the  organic  carbon  loadings,
had on  the  long-term  mobility  of  sediment  P. During  low-oxygen  conditions,  the  reducible  iron  pool  in
the sediment  was  depleted,  resulting  in  the  release  of previously  accumulated  P. The remobilization  of
iron-bound  P  affected  phosphate  effluxes  from  the  sediment  on the  time  scale  of  the  sediment  iron  cycle
(several  years).  On longer  time  scales,  P  effluxes  followed  the  sedimentation  fluxes  of  organic  matter.
Mass  balance  calculations  indicate  that, despite  the  dominance  of  internal  P  loading  in Lake  Sempach,
over  the  long-term  phosphorus  content  in  the water  column  was  controlled  by  the  external  P  inputs.  The
results  suggest  that,  whereas  short-term  decreases  in sediment  P  releases  may  be achieved  by  preventing
sediment  anoxia,  long-term  solutions  should  involve  reductions  in  the external  P inputs.

© 2012 Elsevier B.V. All rights reserved.

1. Introduction

Sediment composition and chemical fluxes respond to the vari-
ations in temperature, sedimentation fluxes, and the composition
of bottom water on multiple time scales (Lasaga and Holland, 1976;
Burdige, 2006). Perhaps the strongest changes arise from alter-
ations to the sediment redox balance, i.e. the balance between
the amounts of reductants and oxidants delivered to the sedi-
ment. In particular, variations in the bottom water oxygen levels
and sedimentation fluxes of organic matter may  substantially alter
the pathways of mineralization and vertical distribution of sedi-
ment redox sensitive elements (Sundby et al., 1986; Katsev et al.,
2006a). Depletion of oxygen may  rid the sediment of iron and man-
ganese oxides and lead to the accumulation of sulfides, as well
as decreased benthic bioturbation (Dittrich et al., 2009). Because
the diagenetic mobility of P, a productivity-controlling nutrient,
is strongly affected by its association with iron oxyhydroxides
(Boström et al., 1982; Sondergaard et al., 2001), maintaining an
oxic sediment–water interface (SWI) was often suggested as a
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means to curtail sediment P effluxes (Gächter and Imboden, 1985;
Schauser et al., 2003). The long-term P retention, however, proved
to be insensitive to the artificial oxygenation of bottom waters
(Gächter and Wehrli, 1998). To explain this insensitivity, (Katsev
et al., 2006b)  argued that the relative importance of P mobiliza-
tion mechanisms varies with the time scale of interest, the idea
that was further corroborated in a recent review (Hupfer and
Lewandowski, 2008). According to this argument, the classical
paradigm of Einsele (1936) and Mortimer (1941),  which treats
seasonal P mobilization as redox-sensitive, should not be applied
on greater time scales. The balance between the P sedimenta-
tion and its burial into the anoxic sediment has to be considered
instead.

In this paper, we  analyze the retention of P in the sediments
of Lake Sempach (Switzerland) where bottom waters were arti-
ficially aerated after several decades of nearly anoxic conditions.
We analyze temporal changes in sediment composition, organic
matter mineralization pathways and diffusive fluxes across the
sediment–water interface, and also identify processes that control
P availability.

2. Site description and history

Lake Sempach is a pre-alpine hard water lake in central
Switzerland (Table 1). It is stratified between April and October

0304-3800/$ – see front matter ©  2012 Elsevier B.V. All rights reserved.
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Table  1
Lake Sempach water column and sediment (at water depth of 87 m) characteristics.

Characteristics Valuea Unit Ref. This study

Surface area 14.4 km2 Wieland et al. (1993)
Volume 662 × 106 m3 Gächter and Imboden (1985)
Maximum depth 87 m Wieland et al. (1993)
Hypolimnion flushing rate 0.09 yr−1 Wieland et al. (1993)
Water retention time 17 yr Urban et al. (1997)
Solid  sediment density 2.5 g cm−3

Sedimentation flux 0.08 g cm−2 yr−1 Furrer and Wehrli (1996)
Average POC flux 620–873

(1988–1993)
!mol  cm−2 yr−1 Furrer and Wehrli (1996)

Gächter and Meyer (1990)
Average sedimentation flux of solid Mn 53

(1988–1993)
!mol  cm−2 yr−1 Gächter (unpublished) 5

Average sedimentation flux of solid Fe 30
(1988–1993)

!mol  cm−2 yr−1 Gächter (unpublished) 15

Average CaCO3 flux 480
(1988–1993)

!mol  cm−2 yr−1 Muller et al. (2006) 420

O2 in bottom water >120
(>1984)

mmol/m3 Gächter and Stadelmann (1993)

O2 penetration depth 0.12–0.4 cm Schauser et al. (2006)
Muller et al. (2006)

0.3–1.0

O2 consumption in sediment 0.31–0.58 mmol cm−2 yr−1 Schauser et al. (2006); Urban et al. (1997)
Muller et al. (2006)

0.5–1

P  flux from sediment 1–10 !mol  cm−2 yr−1 Schauser et al. (2006)
Urban et al. (1997)

2–7

Fe2+ flux from sediment 0.7–24
(1989–1993)

!mol  cm−2 yr−1 Urban et al. (1997) 0–7

Mn2+ flux from sediment 2.9–8.8
(1989–1993)

!mol  cm−2 yr−1 Urban et al. (1997) 1–8

NO−
3 flux into sediment 1–9

(1989–1993)
!mol cm−2 yr−1 Urban et al. (1997) 8–16

%  of P sedimentation flux released back to water 70 Schauser et al. (2006)
Hupfer et al. (1995)

40–70

%  of Fe sedimentation flux released back to water 15–27 Schauser et al. (2006) 0–40

a Dates in parentheses indicate years of measurements.

with a thermocline located between 5 and 15 m depth (Wieland
et al., 1993). Until the 1950s, the lake was oligotrophic but
subsequent increases in P loading lead to eutrophication and
the lake’s trophic status changed to mesotrophic around 1965
and to highly eutrophic by 1984 (Stadelmann, 1988). During
1965–1985, sewage discharge, extended use of phosphate deter-
gents and high animal densities in agriculture contributed to the
increase in total phosphorus concentration from 30 to 160 mg  m−3

(Fig. 1A; Buergi and Stadelmann, 2002). Starting in 1984, the
hypolimnion was artificially aerated with oxygen in summer and
the lake was artificially mixed between fall and spring every
year (Stadelmann, 1988). At about the same time, external mea-
sures were implemented that decreased the nutrient inputs into
the lake. As a result, P concentration decreased (Gächter and
Wehrli, 1998) and the dissolved oxygen concentration in the
hypolimnion increased to above 120 !mol  L−1 year-round. Start-
ing from 1997, hypolimnion oxygenation with pure oxygen was
replaced by aeration with fine air bubbles (Buergi and Stadelmann,
2002).

Low oxygen availability during the eutrophic period resulted
in the absence of benthic bioturbation, and the sediment became
laminated with no signs of mixing (Ambühl, 1994), seemingly
down to the 1930s horizon (Buergi and Stadelmann, 2002). After
the hypolimnion aeration, bioturbation resumed: sediment cores
extracted from the deepest part of the lake in 1988 and 1994
contained a mixed surface layer (Wieland et al., 1993; Ambühl,
1994). Cores recovered by the present investigators from a water
depth of 87 m in 2007 and 67 m in 2006 appeared bioturbated to
a depth of 2–3 cm below the interface. Washing of the 2006 core
revealed a small number of benthic organisms (about 20 per cm3

of Tubificidae, Copepoda and Nematoda). Below the present depth
of bioturbation, but clearly above the 1988–1994 horizons, the

sediment contained multiple distinct black layers, which likely
formed due to episodic precipitation of iron sulfides in the pre-
viously bioturbated sediment.

The net sedimentation of phosphorus (defined as the differ-
ence between the sedimentation flux S and release flux R: S–R;
Fig. 1B) calculated from a one-box mass balance model (Gächter
and Meyer, 1993) indicated that the removal of phosphorus from
the sediment was  gradually increasing in the early stages of eutro-
phication (before 1967), likely following the increase in external P
inputs. Between 1967 and 1977, however, the net sedimentation of
phosphorus was decreasing despite the continuing increases in the
external loadings and water column P concentrations. After 1984,
phosphorus concentration in the water column decreased but the
rate of phosphorus burial into the deep sediment remained rel-
atively unchanged (Gachter and Muller, 2003). After 10 years of
artificial oxygenation, Gächter and Wehrli (1998) attributed the
decrease in the lake water phosphorus content to the reduction
of the external P load, rather than to P retention in the sediment
(Gächter and Wehrli, 1998). About 70% of the settled P was released
back into the water column during early diagenesis (Hupfer et al.,
1995; Schauser et al., 2006).

3. Methods

3.1. Sampling and Fe extractions

Four replicate sediment cores were taken on November 27th,
2007 from a water depth of 87 m using a gravity corer (UWITEC) and
Plexiglas core tubes 5.5 cm in diameter and ca. 70 cm in length. The
cores were immediately brought to the laboratory and sectioned
till 35 cm sediment depth under the N2 atmosphere. Sub-samples
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Fig. 1. (A) Total P concentration in the water column of Lake Sempach during spring overturn (Buergi and Stadelmann, 2002). The dashed line indicates our model’s
approximation for the sedimentation flux of particulate organic carbon. (B) Concentration of dissolved oxygen in the bottom water at fall overturn and the net (deposition
minus  release) sedimentation of phosphorus (Gächter and Stadelmann, 1993). The dashed line indicates our model’s approximation of the SWI  oxygen concentration.

of the obtained sections were placed in pre-weighted Petri dishes,
freeze-dried for 60 h, and weighed again. The sediment water con-
tent was calculated based on the weight loss and used to estimate
the porosity. The remaining sediment samples were analyzed for
extractable iron according to the following protocol. The extrac-
tions distinguished three operationally defined iron pools (Poulton
and Canfield, 2005; Tessier et al., 1979): loosely sorbed Fe (ascor-
bate extractable), Ca-bound Fe plus iron in acid volatile sulfides
(AVS) (sodium acetate-extractable), and Fe-oxides. Approximately
1 g of wet sediment was extracted for 1 h with 10 mL  of 1 M MgCl2
pH 7 at room temperature by continuous shaking and centrifuging
(Sorvall, Model RC2-B) at 10,000 rpm for 30 min. The supernatant
was removed using a pipette and analyzed for Fe (see below),
whereas the residue was washed in 8 mL  of deionized water; after
centrifugation for 30 min, the second supernatant was  discarded.
The volume of rinsed water used was kept to a minimum to avoid
solubilization of solid material, particularly organic matter. The
residue was extracted with 10 mL  of 1 M sodium acetate NaOAc
adjusted with acetic acid HOAc to pH 4.5 for 24 h at room tem-
perature by continuous shaking and centrifuging at 10,000 rpm
for 30 min. Again, the supernatant was removed with a pipette
and analyzed for Fe (see below), whereas the residue was  washed
with 10 mL  of deionized water; after centrifugation for 15 min,
this supernatant was discarded. The third residue was extracted
for 6 hours with 10 mL  of dithionite in 25% acetic acid, 0.04 M
NH2OH–HCl in 25% (v/v) HOAc at temperature 96 ± 2 ◦C (Tessier
et al., 1979), discrete shaking and centrifuging at 10,000 rpm for
30 min. The supernatant was removed with a pipette and analyzed

for Fe content by an inductively coupled plasma-optical emission
spectrometry (ICP-OES).

3.2. Burial velocity estimate

The burial velocity for sediment particles, U (cm yr−1), was cal-
culated as a function of depth within the sediment, z (cm), as
U = F/(1 − ϕ(z))", where F is the sedimentation flux (in g cm−2 yr−1),
" = 2.5 g cm−3 is the density of dry sediment (e.g. Avnimelech et al.,
2001) and ϕ(z) is the porosity. To approximate ϕ(z), an analytical
function (solid line in Fig. 2B) was  fitted to measured porosity pro-
files. The porosity profiles in our 2007 cores and also 2004 cores (B.
Müller, unpublished) were similar to the 1988 profile of Wieland
et al. (1993),  which suggests stationary compaction. The sedimen-
tation flux F = 0.06 g cm−2 yr−1 was  chosen to match the sediment
dating scale of previous works (M.  Sturm, pers. comm). This value
is slightly lower than the average value (0.067 g cm−2 yr−1) mea-
sured in sediment traps in 1988–1993 (Gächter and Meyer, 1990;
Wieland et al., 1993). The burial velocity decreases from about
0.5 cm yr−1 at the sediment surface to 0.12 cm yr−1 below 25 cm
depth due to the sediment compaction (Fig. 2C).

3.3. Diagenetic modeling

Diagenetic modeling was performed using the diagenetic
reaction-transport model LSSE-Mega, which is described in detail
elsewhere (Katsev et al., 2006a, b, 2007). Briefly, the model solves
a set of diagenetic equations for the concentrations Ci(x,t) of solid



S. Katsev, M. Dittrich / Ecological Modelling 251 (2013) 246– 259 249

Fig. 2. (A) Lake Sempach sediment (November 2007; 87 m);  (B) porosity in 2007 compared to the 2004 data (B. Müller, unpublished) and 1988 (Wieland et al., 1993). The
solid  line is the analytical fit used in the model; (C) Burial velocity.

(in mol  per gram of dry weight (DW)) and dissolved (in mol  cm−3)
chemical species in the sediment:

∂$Ci

∂t
= ∂

∂x

(
$Di

∂Ci

∂x

)
− ∂

∂x
($UiCi) +

∑

j

$Rj({Ci}) (1)

Here, t is time and x is the depth coordinate from the
sediment–water interface down. Ui is the advection (burial) veloc-
ity. The factor $ is equal to the sediment porosity ϕ for dissolved
species and (1 − ϕ)" for solid species, where " is the grain density
of dry sediment in g cm−3. The effective diffusion coefficients Di
were calculated as sums of the bioturbation coefficient Db and the
appropriate molecular diffusion coefficients Dsed

diff, which were cal-
culated based on the molecular diffusion coefficients Ddiff corrected
for sediment porosity ϕ using Archie’s law and for temperature T
using expressions in Boudreau (1997) for T = 5 ◦C.

Dsed
diff = Ddiff

1 − ln(ϕ2)
(2)

The depth dependence of the bioturbation coefficient, Db(x), is
approximated by

Db = D0
b

1 − tanh(x − H)/%b
1 − tanh −(H/%b)

(3)

where D0
b is the value at the sediment surface, H is the depth of

the steepest gradient of Db(x) within the sediment and %b = 1.43 cm
is the characteristic depth half-interval within which most of the
decrease in Db occurs (Table 2; Katsev et al., 2006b).

Microbial decomposition of organic matter (OM) (represented
by a nominal composition (CH2O)x(NH3)y(H3PO4)z in reactions
(1)–(4);  Table 2) is described by the Michaelis–Menten kinetics
(Fig. 3; Katsev et al., 2006b; Boudreau, 1997). The rate constants
for the rates Rj of chemical and biochemical reactions (Fig. 3) are
shown in Tables 3 and 4.

Reversible sorption of the ferrous iron ion on sediment solid
surfaces is described by a pH-dependent equilibrium partitioning
coefficient KadsFe approximated by a Langmuir isotherm:

[ads-Fe] = KadsFe[Fe2+] (4)

where

KadsFe =
∑ K∗

Fe,iXiSTi

[H+] + K∗
Fe,i[Fe2+]

(5)

Here, square brackets denote the concentrations of the respec-
tive species and the sum runs over two types of solid substrates:
ferric oxyhydroxides (Fe(OH)3), and a “background” (B) which col-
lectively represents all other sediment solids. Ferric oxyhydroxides
are singled out because of their high specific sorption capacity for
phosphate (Parfitt, 1989) and their susceptibility to redox-driven
dissolution/precipitation that are central to the classical model of
phosphorus release (Boström et al., 1988). [ads-Fe] is the concen-
tration of adsorbed Fe (in mol/gDW), Xi is the weight fraction of the
i-th adsorption substrate (i = 1,2), STi is the density (in mol/gDW)  of
sorption sites at the substrate surface.

The constants K∗
Fe,i (Table 3) characterize specific sorption capac-

ities of the substrates. The term [H+] accounts for the pH-driven
increase in KadsFe within a pH interval roughly extending from 5
to 7. By analogy, the adsorption coefficient for phosphate KadsP is
defined as

[ads-P] = Kadsd[Pdiss] (6)

where

KadsP =
∑ K∗

P,iXiSTi

[OH−] + K∗
P,i[Pdiss]

(7)

Here, [Pdiss] is the aqueous total (all ionic species combined) phos-
phate concentration (in mol  cm−3) and [ads-P] is the concentration
of adsorbed phosphate (in mol  g−1 DW). The coefficients STi and
K∗

P,i for the Fe(III) substrate were obtained (Katsev et al., 2006b)  by
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Table 2
Model reactions. ‘S–X’ denotes adsorption of a species X to a site S– on a solid substrate; R′ denote dissolution rates. Total analytical variables ([TC], [TS], and [ALK],
respectively) were used to characterize the aqueous concentrations of porewater carbonate, sulfide, and alkalinity: [TC] = [CO2

−] + [HCO3
−] + [CO3

2−], [TS] = [HS−] + [H2S] and
[Alk]  = [HCO3

−] + [CO3
2−] + [HS−] − [NH4

+] + F[ads-Fe] − [H+] + [OH−].

Kinetic reactions Rates Reaction number

Primary redox reactions
(CH2O)(NH3)y(H3PO4)z + (1 + 2y)O2 + yHCO3

− → (1 + y)CO2 + yNO3
− + zH3PO4 + (1 + y)H2O RO2 1

(CH2O)(NH3)y(H3PO4)z + 4/5NO3
− → 1/5CO2 + 4/5HCO3

− + 2/5N2 + yNH3 + zH3PO4 + 3/5H2O RNO3 2
(CH2O)(NH3)y(H3PO4)z + 2MnO2 + (3 + y)CO2 + (1 + y)H2O → 2Mn2+ + (4 + y)HCO3

− + yNH4
+ + zH3PO4 RMnO2 3

(CH2O)(NH3)y(H3PO4)z + 4Fe(OH)3 + 7CO2 → 4Fe2+ + 8HCO3
− + yNH3 + zH3PO4 + 3H2O RFe(OH)3 4

(CH2O)(NH3)y(H3PO4)z + 1/2SO4
2− → HCO3

− + 1/2H2S + yNH3 + zH3PO4 RSO4 5
(CH2O)(NH3)y(H3PO4)z → 1/2CH4 + 1/2CO2 + yNH3 + zH3PO4 RCH4 6

Secondary redox reactions
4Fe2+ + O2 + 8HCO3

− + 2H2O → 4Fe(OH)3 + 8CO2 RFeOx 7
4S−Fe+ + O2 + 4HCO3

− + 6H2O → 4S−H0 + 4Fe(OH)3 + 4CO2 RsurFe 8
S−Mn+ + 1/2O2 + HCO3

− → S−H0 + MnO2 + CO2 RsurMn 9
NH4

+ + 2O2 + 2HCO3
− → NO3

− + 2CO2 + 3H2O RNH4Ox 10
H2S + 2O2 + 2HCO3

− → SO4
2− + 2CO2 + 2H2O RSOx 11

FeS  + 2O2 → Fe2+ + SO4
2− RFeSOx 12

2FeS2 + 9O2 + 5H2O → 2Fe(OH)3 + 4SO4
2− + 4H+ RFeS2Ox 13

2Fe2+ + MnO2 + 4H2O → 2Fe(OH)3 + Mn2+ + 2H+ RFeMnO2 14
MnO2 + HS− + 3H+ → Mn2+ + S0 + 2H2O RMnO2S 15
4MnO2 + NH4

+ + 6H+ → 4Mn2+ + NO3
− + 5H2O RMnNH4 16

5Mn2+ + 2NO3
− + 4H2O → 5MnO2 + N2 + 8H+ RMnNO3 17

2Fe(OH)3 + H2S + 4CO2 → 2Fe2+ + S0 + 4HCO3
− + 2H2O RSFe3 18

Fe3(PO4)2 + 3H2S → 3FeS + 2H3PO4 RSviv 19
FeCO3 + H2S → FeS + CO2 + H2O RSFeCO3 20
FeS  + H2S → FeS2 + H2 RFeSHS 21
FeS  + S0 → FeS2 Rpyr/R′

pyr 22
4S0 + 4H2O → SO4

2− + 3HS− + 5H+ RS0disp 23

Mineral precipitation reactions
Fe2+ + HCO3

− + HS− ↔ FeS + CO2 + H2O RFeS/R′
FeS 24

3Fe2+ + 2H3PO4 ↔ Fe3(PO4)2 + 6H+ Rviv/R′
viv 25

aFe2+ + (1 − a)Ca2+ + 2HCO3
− ↔ FeaCa(1 − a)CO3 + CO2 + H2O (a = 1) RFeCO3 /R′

FeCO3
26

bMn2+ + (1 − b)Ca2+ + 2HCO3
− ↔ MnbCa(1 − b)CO3 + CO2 + H2O (b = 0.95) RMnCO3 /R′

MnCO3
27

Ca2+ + CO3
− ↔ CaCO3 RCaCO3 /R′

CaCO3
28

Local equilibrium reactions Equilibrium constants Reaction number

Adsorption
H3PO4 ↔ H3PO4 (ads) KadsP 29
S−H0 + Fe2+ + HCO3

− ↔ S−Fe+ + CO2 + H2O KadsMn 30
S−H0 + Mn2+ + HCO3

− ↔ S−Mn+ + CO2 + H2O KadsFe 31
NH4

+ ↔ NH4
+ (ads) KadsNH4 32

NH3 ↔ NH3 (ads) KadsNH3 33

Acid–base  reactions
CO2(aq) + H2O ↔ HCO3

− + H+ KC1 = [H+][HCO3
−]/[CO2] 34

HCO3
− ↔ CO3

2− + H+ KC2 = [H+][CO3
2−]/[HCO3

−] 35
NH4

+ ↔ NH3 + H+ KNH = [H+][NH3]/[NH4
+] 36

H2S ↔ HS− + H+ KHS = [H+][HS−]/[H2S] 37
H2O ↔ H+ + OH− KW = [H+][OH−] 38

fitting the experimental data of Parfitt (1989) for phosphate sorp-
tion on goethite ("-FeOOH). In the previous study of (Katsev et al.,
2006b),  the choice of the sorption isotherm had an insignificant
effect on the magnitude of phosphorus efflux from the sediment.

The boundary conditions at the sediment–water interface are
fixed-concentration (Dirichlet) for the dissolved species:

Ci(x = 0, t) = C0
i (t) (8)

and fixed-flux (Neumann) for the solid species:

−$Di
∂Ci

∂x
+ $UiC = Fi(t) (9)

Here, Fi is the solid substance flux (in mol  cm−2 yr−1) at the
sediment–water interface. A no-gradient boundary condition is
imposed for all species at the bottom of the integration domain:

∂Ci

∂xx=L
= 0. (10)

Sediment compaction was calculated from a measured porosity
profile (as described in Katsev et al., 2007). Solid-phase calcium

carbonate and dissolved ionic calcium were considered explicitly
(see Tables 2–4 for model reactions, kinetic law formulations, and
best-fit parameters).

For lack of sediment geochemistry data prior to 1960s, we
calibrated the model first at steady state using an extensive
data set collected in Lake Sempach between 1988 and 1994.
The sedimentation flux of organic carbon, FOM and the interface
oxygen concentration, [O2]0, were then adjusted to match the pre-
eutrophic conditions of 1967, and the model was again run to
a steady state. The model was  then propagated forward in time
using the time-dependent boundary conditions as shown in Fig. 1.
The SWI  oxygen concentration was approximated by the measured
bottom water O2 concentration (Gächter and Stadelmann, 1993;
Muller and Stadelmann, 2004) (Fig. 1B). The flux of degradable
organic matter (Fig. 1A), was  taken as proportional to the concen-
tration of phosphorus in the water column (Buergi and Stadelmann,
2002) with a coefficient of proportionality 0.007 estimated from the
sediment trap data (Furrer and Wehrli, 1996; Wehrli and Wüest,
1996). The sedimentation fluxes of reactive and refractory (or non-
degradable) organic matter, FOM1 and FOM2, respectively, were
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Fig. 3. A conceptual diagram of the diagenetic model for solid and dissolved components. Organic matter represented by a nominal composition CH2O)x(NH3)y(H3PO4)z is
decomposed by microorganisms via a cascade of electron acceptors (Berg et al., 2003). The model includes variety of geochemical reactions such as adsorption, precipita-
tion/dissolution, acid–base dissociations.

considered as fixed fractions of the total flux, FOM. For lack of time-
resolved historical data, the model considered sedimentation fluxes
of Fe and Mn  as being constant in time and neglected transport
from littoral to profundal areas of the lake (Urban et al., 1997). To
account for the effect of oxygen depletion on benthic macrofauna,
the bioturbation coefficient, D0

b, was varied with the SWI  oxygen
concentration as described by the non-threshold approximation
(Katsev et al., 2007). This had only a minor effect in our simu-
lations because the bioturbation rates in Lake Sempach are low.
Bioirrigation was neglected because of the absence of bioirrigating
organisms.

4. Results

4.1. Iron fractionation

The sediment distribution of the dithionite-extractable iron
exhibited a minimum between 8 and 20 cm depth (Fig. 4). The
concentrations of the acetate-extractable iron are correspondingly
higher in this depth range (Fig. 4), indicating that, upon the reduc-
tion of iron oxides, the mobilized iron precipitated as sulfides; the
presence of sulfides is evidenced by the black color of the sediment
core within this depth interval. A similar pattern – a decreased con-
centration of dithionite-extractable iron in black sediment layers –
was also observed in another core extracted from 65 m water depth
in 2006 (not shown).

4.2. Simulation results

The model was successful at capturing the main features of
chemical distributions within the sediment (Fig. 5). Discrepancies
between the simulated and measured depth distributions of sed-
iment solids and solutes are attributed to factors such as strong
seasonal variability, dependence of the sediment composition on

its previous history, and uncertainties in model parameterizations.
The largest uncertainty is associated with the lack of information
about the initial, pre-eutrophic, state and the time evolutions of
such parameters as the sedimentation fluxes of reactive iron and
manganese (Dittrich et al., 2009).

Fig. 4. Iron fractions in a sediment core extracted in November 2007 from 87 m
depth. Three sequentially extractable iron fractions: loosely sorbed Fe (ascorbate
extractable), Ca-bound Fe plus iron in acid volatile sulfides (AVS) (sodium acetate-
extractable), and reactive reducible Fe (dithionite extractable).
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Table 3
Model rates.

Reactions Rates

Primary redox reactionsFor i,j = (O2, NO3, MnO2, Fe(OH)3, SO4) Ri = (kOM1[OM1] + kOM2[OM2])fi , where fi = Ci

Ci+Clim
i

i−1∏

j=1

Clim
j

Cj+Clim
j

, fCH4 = 1 −

5∑

j=1

fj

Secondary redox reactions RFeOx = kFeOx[Fe2+][O2]
RsurFe = ksurFe[ads-Fe][O2]
RNH4Ox = kNH4Ox [TN][O2], where [TN] = [NH4

+] + [NH3]
RSOx = kSOx [TS][O2], where [TS] = [H2S] + [HS−]
RFeSOx = kFeSOx [FeS][O2]
RFeS2Ox = kFeS2Ox [FeS2][O2]
RFeMnO2 = kFeMnO2 [Fe2+][MnO2]
RMnO2S = kMnO2S[MnO2][TS]
RMnNH4 = kMnNH4 [MnO2][TN]
RMnNO3 = kMnNO3 [Mn2+][NO−

3 ]
RSFe3 = kSFe3 [TS][Fe(OH)3]
RSviv = kSviv[TS][Fe3(PO4)2]
RSFeCO3 = kSFeCO3 [TS][FeCO3]
RFeSHS = kFeSHS[FeS][TS]
Rpyr = kpyr[FeS][S0]; R′

pyr = k′
pyr[FeS2]

RS0disp = kS0disp[S0]

Mineral precipitation reactions (Here, H(x) = 1 for x > 0 and H(x) = 0 for x ≤ 0)
RFeS = kFeS(&FeS − 1)H(&FeS − 1)
R′

FeS = k′
FeS[FeS](1 − &FeS)H(1 − &FeS)

where ˝FeS = [Fe2+][HS−]
KFeS[H+]

and [HS−] = [TS]
1+[H+]/KHS

Rviv = kviv(˝˛
viv − 1)H(˝viv − 1)

R′
viv = k′

viv[Fe3(PO4)2]2(1 − ˝˛
viv)H((1 − ˝viv)),

where ˝viv = [Fe2+]
3

[Pdiss]2

Kviv
and  ̨ = 1/5

RFeCO3 = kFeCO3 (˝FeCO3 − 1)H(˝FeCO3 − 1)
R′

FeCO3
= k′

FeCO3
[FeCO3](1 − ˝FeCO3 )H(1 − ˝FeCO3 )

where ˝FeCO3 = [Fe2+][CO3
2−]

aK ′
FeCO3

and [CO2−
3 ] = [TC]

1+[H+]/KC2+[H+]2/KC1KC2

RMnCO3 = kMnCO3 (˝MnCO3 − 1)H(˝MnCO3 − 1)
R′

MnCO3
= k′

MnCO3
[MnCO3](1 − ˝MnCO3 )H(1 − ˝MnCO3 )

where ˝MnCO3 = [Mn2+][CO3
2−]

bK ′
MnCO3

RCaCO3 = kCaCO3 (˝CaCO3 − 1)H(˝CaCO3 − 1)

R′
CaCO3

= k′
CaCO3

[CaCO3](1 − ˝CaCO3 )H(1 − ˝CaCO3 ), where ˝CaCO3 =
[Ca2+][CO2−

3
]

K ′
CaCO3

4.2.1. Organic carbon mineralization pathways
Simulations suggest that, prior to 1967, oxygen concentrations

were high, organic carbon fluxes were low and more than half of
the deposited organic matter was mineralized by oxic respiration
(Fig. 6). Subsequent increases in organic carbon loading resulted in
the increased overall rate of carbon mineralization (CO2 produc-
tion). As oxygen levels declined, oxic respiration was  replaced by
alternative mineralization pathways (see Table 2 for modeled reac-
tions). As mineralization by solid-phase electron acceptors (Mn  and
Fe oxides) was limited by their available amounts, the contributions
of Mn  reduction and Fe reduction to carbon mineralization were
small, in the order of a few percent of the total CO2 production.
In contrast to marine sediments where aerobic respiration is typi-
cally replaced by sulfate reduction (Morse and Eldridge, 2007), the
rate of sulfate reduction was comparable to the rates of iron and
manganese reductions. Under low-oxygen conditions, aerobic res-
piration was therefore replaced predominantly by methanogenesis
(Furrer and Wehrli, 1996). In the mid-1980s, methanogenesis may
have accounted for more than 60% of the organic carbon mineral-
ization (Fig. 6B). As methanogenesis is typically slower than the
more energetic mineralization pathways, whereas in the model
the total mineralization rate is pathway-independent, refractory
organic matter may  have been accumulating in the sediment dur-
ing the period of low-oxygen conditions. After the organic matter
sedimentation flux decreased in the mid-1980s (Fig. 1) and oxic
conditions were restored, the relative contribution of oxic respira-
tion increased. Our simulations suggest that, at present, up to 50%

of the deposited organic carbon is mineralized aerobically near the
sediment–water interface (Fig. 6), which compares favorably with
the 28% estimated by and the 50% estimated by previous studies
(Muller et al., 2003, 2006).

4.2.2. Changes in sediment composition
During the eutrophic period, the increased OC sedimentation

had increased the concentration of particulate organic carbon (POC)
below the SWI  (Fig. 5). The reverse process was  observed after the
restoration measures in the mid-1980s. Sediment concentrations of
solid manganese and iron oxides declined in response to decreasing
oxygen levels at the onset of eutrophication. Reductive dissolution
of the Fe oxides by the freshly deposited organic matter resulted in
a trough in the solid-Fe profile below the depths of oxygen pen-
etration and Mn  reduction (Figs. 2 and 6). The mobilized Fe(II)
precipitated near the oxic–anoxic boundary, generating a Fe(III)-
enrichment there. As the sediment porewater contained hydrogen
sulfide generated by sulfate reduction, some of the reduced iron
precipitated as sulfide FeS (Dittrich et al., 2009). The reduced Mn
in the solid phase remained mostly in the form of Mn  carbo-
nates (Friedl et al., 1997). Sediment concentration of solid calcium
carbonate remained relatively unaltered. The lake receives large
amounts of detrital calcite (Muller et al., 2006) but we  have no
information about the temporal changes in the calcite input from
the catchment.

Changes in the concentrations of dissolved species in the
sediment pore water were comparable in magnitude to their
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Table  4
Model parameters.

Parameter Value Units Literature values Refs.

Simulated sediment depth (L) 30 cm
Solid sediment density (") 2.5 g cm−3

Burial velocity at depth (L, UL) 0.15 cm yr−1

N:C ratio in OM (y) 0.143 g g−1

P:C ratio in OM (z) 0.02 g g−1 0.01–0.02 Hecky et al. (1993), Gächter (unpublished), Urban et al.
(1997),  Hupfer et al. (1995)

Bioturbation coeff. at surface (D0
b) 2.0 cm2 yr−1 0.1–5 Katsev and Dittrich (unpublished), Francois et al. (2002),

Matisoff et al. (1999), Katsev et al. (2004)
Depth  of max. bioturbation gradient (H) 0 cm
Bioturbation depth attenuation (%b) 1.43 cm 1–3 Wieland et al. (1993)
[O2]0 1.2 × 10−7 mol  cm−3 (1.0–2.1) × 10−7 Gächter (unpublished), Gächter and Stadelmann (1993),

Muller et al. (2006)
[NO3]0 1.0 × 10−8 mol  cm−3 (1–3) × 10−8 Gächter (unpublished), Urban et al. (1997)
[SO4]0 1.0 × 10−7 mol  cm−3 (0.5–1.5) × 10−7 Gächter (unpublished), Urban et al. (1997)
[TC]0 2.87 × 10−6 mol  cm−3 (1.5–3.0) × 10−6 Gächter (unpublished), Muller et al. (2006)
[ALK]0 2.73 × 10−6 mol  cm−3 Gächter (unpublished)
[Ca2+]0 1.3 × 10−6 mol  cm−3 (1.0–1.3) × 10−6 Gächter (unpublished), Muller et al. (2006)
[Fe2+]0 1.0 × 10−9 mol  cm−3 Gächter (unpublished), Urban et al. (1997)
[Mn2+]0 1.0 × 10−9 mol  cm−3 Gächter (unpublished), Urban et al. (1997)
[H3PO4]0 6 × 10−7 mol  cm−3 Gächter (unpublished)
Flux  of reactive OM (FOM1) 1.14 × 10−4 mol  cm−2 yr−1 <6 × 10−4 Gächter (unpublished), 5, 24
Flux  of weakly reactive OM (FOM2) 0.4 × 10−4 mol  cm−2 yr−1 <6 × 10−4 Gächter (unpublished), Furrer and Wehrli (1996),

Gächter and Meyer (1990)
Flux  of refractory OM,  no decay OM 1.3 × 10−4 mol  cm−2 yr−1 <6 × 10−4 Gächter (unpublished), Furrer and Wehrli (1996),

Gächter and Meyer (1990)
Flux  of reactive Fe(III) (FFe(OH)3 ) 1.5 × 10−5 mol  cm−2 yr−1 <3 × 10−5 Gächter (unpublished)
Flux  of reactive Mn  oxide (FMnO2 ) 0.5 × 10−5 mol  cm−2 yr−1 <5 × 10−5 Gächter (unpublished)
Reactivity of OM1  (kOM1) 2.0 yr−1

Reactivity of OM2  (kOM2) 0.05 yr−1

Monod constant
(

Clim
O2

)
2.0 × 10−9 mol  cm−3 10−10 to 10−8 Van Cappellen and Wang (1996)

Monod  constant
(

Clim
NO3

)
2.0 × 10−7 mol  cm−3 (2–80) × 10−9 Berg et al. (2003)

Monod constant
(

Clim
MnO2

)
2.0 × 10−4 mol  g−1

Monod constant
(

Clim
Fe(OH)3

)
2.0 × 10−3 mol  g−1 (0.3–10) × 10−5 Schauser et al. (2004), Roden and Wetzel (2002),  Ferro

(2003)
Monod constant

(
Clim

SO4

)
7.0 × 10−7 mol  cm−3 (0.6–10) × 10−7 Van Cappellen and Wang (1996), Pallud and Van

Cappellen (2006), Schauser et al. (2004)
kFeOx 0.35 × 1011 cm3 mol−1 yr−1 Katsev et al. (2006a, b),  Van Cappellen and Wang (1996)
ksurFe 1.25 × 1010 cm3 mol−1 yr−1 Katsev et al. (2006a, b)
kNH4Ox 5 × 109 cm3 mol−1 yr−1 5 × 109 Katsev et al. (2007), Van Cappellen and Wang (1996)
kSOx 1.6 × 1010 cm3 mol−1 yr−1 >1.6 × 108 Katsev et al. (2007), Van Cappellen and Wang (1996)
kFeSOx 1.0 × 109 cm3 mol−1 yr−1 108–1010 Katsev et al. (2007), Hunter et al. (1998)
kFeS2Ox 2 × 108 cm3 mol−1 yr−1 108 Katsev et al. (2007), Wijsman et al. (2002)
kFeMnO2 3.0 × 109 cm3 mol−1 yr−1 106–3 × 109 Van Cappellen and Wang (1996), Berg et al. (2003),

Stumm and Morgan (1996)
kMnO2S 2.0 × 107 cm3 mol−1 yr−1 (1–2) × 107 Van Cappellen and Wang (1996), Katsev et al. (2007),

Hunter et al. (1998)
kMnNH4 0 cm3 mol−1 yr−1

kMnNO3 0 cm3 mol−1 yr−1

kSFe3 4 × 106 cm3 mol−1 yr−1 104–108 Katsev et al. (2006a, b),  Hunter et al. (1998), Wijsman
et al. (2002)

kSviv 1.0 × 108 cm3 mol−1 yr−1 (01–1) × 108 Katsev et al. (2006a, b, 2007)
kSFeCO3 1.0 × 107 cm3 mol−1 yr−1 (1–5) × 107 Katsev et al. (2006a, b, 2007)
kFeSHS 1.0 × 103 cm3 mol−1 yr−1

kpyr 1.0 × 105 g mol−1 yr−1 Katsev et al. (2007)
k′

pyr 0.01 yr−1 Katsev et al. (2007)
kS0disp 0.12 yr−1 Katsev et al. (2007)
kFeS 1 × 10−6 mol  g−1 yr−1 10−7 to 10−4 Van Cappellen and Wang (1996), Katsev et al. (2006a, b)
k′

FeS 1.0 × 10−3 yr−1 Van Cappellen and Wang (1996), Katsev et al. (2007)
KFeS 2.51 × 10−6 mol  cm−3 Katsev et al. (2007), Morse and Cornwell (1987), Morse

et al. (1987)
kFeCO3 6.5 × 10−4 mol  g−1 yr−1

k′
FeCO3

0.05 yr−1

K ′
FeCO3

3.98 × 10−13 (mol cm−3)2

kMnCO3 1 × 10−5 mol  g−1 yr−1 (1 − 100) × 10−4 Van Cappellen and Wang (1996), Katsev et al. (2007)
k′

MnCO3
0.25 yr−1 10−2 to 103 Van Cappellen and Wang (1996), Katsev et al. (2007)

K ′
MnCO3

2.2 × 10−14 (mol cm−3)2

kCaCO3 1.0 × 10−5 mol  g−1 yr−1

k′
CaCO3

0.05 yr−1

K ′
CaCO3

1.9 × 10−15 (mol cm−3)2

kviv 1.0 × 10−10 mol  g−1 yr−1 Katsev et al. (2007)
k′

viv 1.0 yr−1 Katsev et al. (2007)
Kviv 3.0 × 10−50 (mol cm−3)5 Katsev et al. (2007), Davison (1993)
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Table 4 (Continued)

Parameter Value Units Literature values Refs.

Equilibrium adsorption parameters
K*

FeonFe 5 × 10−4 – <2 × 10−3 Dzombak and Morel (1990)
K*

FeonMn 1 × 10−5 – <2 × 10−3 Dzombak and Morel (1990)
K*

FeonB 2.0 × 10−1 –
K*

MnonFe 2 × 10−5 –
K*

MnonMn 1 × 10−5 –
K*

MnonB 2 × 10−5 –
K*

PonFe 2.0 × 10−4 – <2 × 10−3 Dzombak and Morel (1990)
K*

PonB 0.2 × 10−6 –
KadsNH4, KadsNH3 1.4 – Van Cappellen and Wang (1996)
STFe, STMn 1.0 × 10−2 mol  g−1 Katsev et al. (2007)
STB 3.0 × 10−5 mol  g−1 Katsev et al. (2007)

Definitions of the model parameters can be found in Katsev et al. (2007).  Interface concentrations (for solutes) and sedimentation fluxes (for solids) not listed in this table
are  zero. [O2]0 and OM flux values are specified for the calibration steady state.

respective seasonal variations (Fig. 5). The simulations suggest that,
at the onset of low-oxygen conditions, the gradients of the pore
water nitrate and sulfate steepened in the vicinity of the inter-
face, whereas their concentrations in the sediment pore water
decreased. Contrary to the suggestion of Furrer and Wehrli (1996)
that the pH in Lake Sempach is controlled solely by the dissolution
of calcium carbonate, we find that the pore water pH is significantly
affected by the reduction of iron and sulfate. When iron and sulfate
reduction was turned off in the model, the simulated pH profile was
consistently lower than the measured values. Our simulations sug-
gest that sulfate reduction increased the pH by about 1 unit across
a wide depth range within the sediment, whereas iron reduction
was responsible for a small pH increase of around x = 2 cm (Fig. 6).

4.2.3. Fluxes across the sediment–water interface
At the onset of eutrophic conditions at the beginning of the

1970s, the increased rates of Mn  reduction generated an increased
flux of Mn(II) from the sediment (Fig. 7) until the reactive Mn  oxide
pool near the sediment–water interface became nearly exhausted
(around 1971; Fig. 7). At that point, Fe oxides became utilized for
organic carbon mineralization, generating a flux of Fe(II) from the
sediment. The Mn  efflux then increased slightly for the second time,
as some of the reduced Fe(II) was re-oxidized by the remaining Mn
oxides. Restoration of oxic conditions in 1984 sharply decreased the
Fe efflux (Fig. 7). The Fe(II) flux continued to decrease gradually in
the following years, as the thickness of the oxidized sediment layer
increased (Schauser et al., 2006). Phosphorus effluxes decreased
briefly when the aeration caused precipitation of Fe(III) oxides, but
it subsequently returned to the relatively high values because the
amount of oxidized iron was yet insufficient to adsorb enough P
from the pore water.

The effect of elemental fluxes from the sediment on the
sediment pools of Fe, Mn,  and P may  be illustrated using the mass-
balance principle. Fig. 8 shows the fluxes of Mn,  Fe, and P from the
diagenetically active part of the sediment (upper 30 cm), both up
into the water column and down into the deep sediment (due to
the burial of the solid sediment and pore water. The shown fluxes
are normalized to the total sedimentation fluxes of the respective
species; thus during the times where the sum of the two fluxes
exceeded 1, the diagenetically active layer was being depleted of
the respective element, whereas the element accumulated when
the sum of the two fluxes was smaller than 1. During the eutrophic
period, the sediment was being strongly depleted in Mn  and some-
what depleted in Fe (Fig. 8). At the peak of eutrophication in the
early 1980s, more than 90% of the deposited Mn  and about 25% of
the deposited Fe were being returned to the water column. Depo-
sition of phosphorus during the years of peak loadings resulted in
both higher effluxes of phosphorus into the water column and P
accumulation in the sediment (Fig. 8). Restoration thus improved
both phosphorus retention within the diagenetically active surface

sediment layer and phosphorus burial into the inactive deeper lay-
ers.

Simulations suggest that the effects of dissolved sulfate and
hydrogen sulfide on P mobilization were minor (Roden and
Edmonds, 1997). The dissolution of vivianite (iron phosphate,
Fe3(PO4)2·8(H2O)) by hydrogen sulfide was not important because
of the relatively small amount of vivianite. The removal of Fe(II)
from active circulation by its precipitation as FeS had only minor
effects.

5. Discussion

5.1. Phosphorus cycling and mobilization mechanisms

Increases in phosphorus fluxes from sediment may  come either
from the increased deposition and recycling of phosphorus, or from
a remobilization of the previously accumulated phosphorus pool.
That between 1967 and 1977 the rate of phosphorus release from
the sediment, R, was  increasing faster than the rate of phosphorus
deposition, S (Fig. 1b), implies a mobilization of the previously accu-
mulated phosphorus during that period. We  hypothesize that the
mobilization of previously accumulated phosphorus was caused
by the loss of the sediment ferric iron pool. This is supported
by the minimum in the distribution of dithionite-extractable iron
and the corresponding accumulation of acetate-extractable iron
(Fig. 4), which suggest that declining oxygen levels (Fig. 1b) at the
onset of eutrophication resulted in the conversion of Fe oxides into
the reduced Fe forms. Similarly, a brief increase in (S–R) after the
restoration of oxic conditions in 1984 can be attributed, at least in
part, to a re-accumulation of the Fe(III) oxides within the sediment.
Comparison of Figs. 2 and 4 indicates that the concentrations of Fe
oxides in the Lake Sempach sediments began to increase around
1984, i.e. after the beginning of the hypolimnion aeration.

Simulations and field measurements indicate that about 66%
of the deposited phosphorus is mobilized in the upper 10 cm,
i.e. within 20 years of deposition (Urban et al., 1997; Hupfer
et al., 1995). Most of the mobilized phosphate becomes bound to
iron oxyhydroxides. This iron-bound phosphorus, however, is not
removed from active circulation and becomes remobilized when
iron oxides dissolve in the reduced sediment within 5–10 years
of their deposition (Fig. 4; Hupfer et al., 1995). Only about 17% of
the phosphorus being buried into the deep sediment is associated
with inorganic substrates. Simulations suggest that P is removed
from active circulation primarily by burial with refractory organic
fractions. To not be released into the water column, the mobilized
phosphorus must be either incorporated in stable mineral phases
within the reduced sediment (an unlikely P sink in sulfidic Lake
Sempach sediments), or accumulate in the diagenetically active
surface sediment layer. As the continuously eutrophic conditions
in Lake Sempach resulted in the Fe(III) mineral surfaces within the
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Fig. 5. Model solutions for the pre-eutrophic steady state (dotted), 1984 (solid), and 2006 (dashed). Representative geochemical data (symbols) for 80–87 m depth are from
Höhener and Gächter (1993),  Furrer and Wehrli (1996), Urban et al. (1997), Muller et al. (2006), Gächter (unpublished), and Müller (unpublished).

diagenetically active layer being saturated with phosphorus
(Hupfer et al., 2000, 1995), the sediment binding capacity for phos-
phorus could only increase with the size of the Fe(III) pool. An
order-of-magnitude calculation suggests that, upon the restoration
of oxic conditions, the resultant increase in the size of sediment
Fe(III) pool could decrease the P efflux by about 4.5 !mol  cm−2 yr−1,
which is comparable to the P flux due to the decomposition of
organic matter (about 4 !mol  cm−2 yr−1) and to the observed P
effluxes (Table 1). Similarly, at the beginning of eutrophication,
increases in P effluxes of similar magnitude could be potentially
generated by the dissolution of Fe(III) oxides, which could take
place over 20 years from the initial concentration of 0.1 mmol  g−1.

Our simulations suggest, however, that the variations in the sedi-
ment Fe(III) pool and their contributions to P effluxes were smaller.

The dynamics of phosphorus evolution in the sediments of Lake
Sempach thus can be recapped as follows. Prior to around 1967,
increases in the external phosphorus inputs were mitigated by the
available sediment sorption capacity: phosphorus accumulated in
the near-surface sediment layer, increasing the P:Fe ratio. The flux
of reactive organic matter was  likely low enough to support only
limited Fe reduction. If the meso-trophic conditions of that period
persisted, the adsorbed phosphorus could have been eventually
buried into the deep sediment with Fe(III) solids. In particular, if
the artificial oxygenation of the lake’s hypolimnion started between
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Fig. 6. Rates of organic matter mineralization pathways integrated over the top 30 cm of sediment. (A) Absolute values; (B) normalized to the total rate of CO2 production.

1967 and 1977, i.e. when the sediment Fe(III) pool was not being
depleted, it could have been effective in improving the P retention
(Figs. 1 and 9). After the sediment Fe(III) pool was depleted, the
sediment phosphorus content and, ultimately, the efflux of phos-
phorus into the water column were not controlled by the rate of
P burial into the deep sediment but by P sedimentation. As the P
effluxes reflected P mobilization from labile organic particles, the
phosphorus effluxes rose and fell with organic sedimentation fluxes
(Figs. 1 and 8). Most of the released phosphorus was being returned
to the sediment with organic sedimentation at the end of the sea-
son, hence on an annual basis the water column P concentrations
followed the trends in the external loadings of phosphorus to the
lake, even though the external loading was smaller than the internal
one (Gächter and Wehrli, 1998).

The restoration measures in 1984 reversed the process. Cur-
rently, redox conditions at the sediment surface are similar to
those during the pre-eutrophic period, and a large fraction of the
presently deposited ferric iron is expected not to be immobilized in
the reduced sediment for lack of reductant. When the deposited P
is being permanently buried with the Fe(III) phases, artificial oxy-
genation of the lake hypolimnion may  be discontinued.

Fig. 9 shows that the relationship between the net phosphorus
sedimentation (S–R) and the water column P content, Pwc, exhibited
a hysteresis. The regions with a negative slope of (S–R) vs. Pwc curve
correspond to the times where the sediment retention of phospho-
rus was being affected by the sediment Fe(III) content. Phosphorus
retention during those periods was sensitive to the redox condi-
tions and oxygen levels. Regions of positive slope indicate the times
when the retention of phosphorus followed organic sedimentation
and was insensitive to the sediment redox regime.
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5.2. Phosphorus mass balance in the water column

The predicted phosphorus effluxes can be verified against the
historical record of water column P concentrations using a mass
balance model (Gächter and Imboden, 1985):

V
dPwc

dt
=  I − O − (S − R) (11)

Here, I is the rate of input of phosphorus from all sources into the
lake, O is the rate of P removal with the outflow, S is the sedimen-
tation rate of phosphorus and R is the rate of phosphorus release
from the sediments; V is the lake volume (Table 1). This model pro-
vides an internal consistency check for the sediment–water column
coupling, as the sediment model considered the sedimentation
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Fig. 10. Phosphorus content in the water column calculated from the mass bal-
ance model (Eq. (1)) assuming constant (solid) and decreasing (dashed) external
inputs of phosphorus (I). The net phosphorus sedimentation (S–R) was taken from
the sediment model.

flux of phosphorus as a fixed (Redfield-type) fraction of the sed-
imentation flux of organic matter. Following Gächter and Wehrli
(1998), we  first assumed a constant external phosphorus input,
I = 7 tons yr−1, and a phosphorus outflow rate, O (tons yr−1), pro-
portional to the water column P concentration (tons): O = 0.09Pwc
(Eq. (11)). Fig. 10 shows the solution for Pwc that was obtained when
the net phosphorus sedimentation (S–R) was approximated by the
output from our sediment model. The net sedimentation of phos-
phorus, (S–R), decreases concomitant with the decrease in S after
1984 (Fig. 10). The Pwc reaches an approximately constant level at
about 50 !mol  L−1. This agrees with previous predictions (Wehrli
and Wüest, 1996) but disagrees with observations (Fig. 10). The
continuous decline in Pwc that was observed is therefore likely due
to the reduction in the external P input, which was implemented as
part of the lake remediation measures (Gächter and Wehrli, 1998).
A dotted line shows the model solution for which the P input was
assumed to decrease as I(t) = 7 − 0.2t. When the decrease in the
external input is taken into account, the simulations agree with
the observations, suggesting that the sediment–water column cou-
pling is internally consistent. We therefore conclude that, in Lake
Sempach, the decrease in the lake water phosphorus content over
the past 20 years resulted mainly from the reduction in the external
P inputs (Gächter and Wehrli, 1998).

6. Conclusions

6.1. What controls phosphorus retention in lake sediments?

Mobilization of phosphorus in aquatic sediments is often
described using a so-called ‘classical Fe–P model’ (Einsele, 1936;
Mortimer, 1941), which was  remarkably successful in describ-
ing seasonal phosphorus releases in a variety of environments
(Boström et al., 1988). According to this model, phosphorus avail-
ability is controlled by the redox conditions in the uppermost
sediment layer. At the onset of anoxic conditions, iron oxyhy-
droxides at the sediment surface are reductively dissolved and the
phosphate that had been adsorbed by them is released into the sedi-
ment pore water, from where it diffuses into the overlying water. In
recent decades, numerous deviations from the classical model were
reported: anoxia did not always cause phosphorus release and oxic
conditions did not necessarily prevent P mobilization (Caraco et al.,
1991; Gachter and Muller, 2003). Some of the proposed alternative
mechanisms of phosphorus mobilization focused on the processes
near the sediment–water interface: hydrogen sulfide, for exam-
ple, was suggested to mobilize phosphorus by directly dissolving
Fe(III) solids (Caraco et al., 1989; Roden and Edmonds, 1997), and
in Lake Sempach an insufficiently thick oxidized layer was sug-
gested as a reason for poor P retention (Gächter and Wehrli, 1998).
Another group of hypotheses concentrated on phosphorus reten-
tion in the deep sediment. For example, the failure of hypolimnetic
oxygenation to decrease phosphorus effluxes in Lake Sempach was
suggested to have resulted from poor permanent burial of P (Hupfer
et al., 1995; Schauser et al., 2006). Hydrogen sulfide was hypoth-
esized to prevent phosphate immobilization with ferrous solids
by binding dissolved Fe(II) as FeS (Caraco et al., 1989; Roden and
Edmonds, 1997), as well as by directly dissolving phosphorus-
bearing ferrous minerals such as vivianite (Gachter and Muller,
2003).

Alternatively to the focus on P mobilization mechanisms, a
time scale argument (Katsev et al., 2006b)  suggests that the near-
interface processes may  be considered as responsible for the
short-term behaviors, such as seasonal P releases, whereas pro-
cesses that affect P burial into the deep sediment determine the
sediment P effluxes on decadal and longer time scales. The decadal
scale of most lake restoration projects is intermediate between
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the seasonal time scale and the time scale on which sediment
processes achieve a steady state (Katsev et al., 2006a, b). For this
reason, short-term approaches such as those of the classical model
(Mortimer, 1941), and steady state models (Schauser et al., 2006)
alike may  provide only limited insights. Sensitivity analyses (e.g.
Katsev et al., 2006b)  consistently reveal that the long-term sedi-
ment P effluxes are primarily sensitive to the sedimentation flux
of organic matter (Dittrich et al., 2009) and secondarily to the SWI
oxygen concentrations. As oxygen levels affect phosphorus fluxes
over the time scale of the sediment iron cycle (several years), dis-
solved oxygen should not be considered as the factor that controls
P mobility in the long term. In fact, even in the short term, the key
characteristic is not the O2 concentration but the balance between
the supply rates of oxygen and its organic reductants (e.g. Katsev
et al., 2006a; Li et al., 2012), as iron is reduced and phosphorus is
released when the flux of organic matter exceeds the mineraliza-
tion capacity of oxic respiration. Over the long term, however, the
focus of the phosphorus-controlling restoration measures should
be on restricting the external P inputs into the lake.
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